
1. Introduction
Coastal wetlands are sites of high carbon (C) sequestration rates through continuous vertical accretion 
owing to both, their capacity to trap allochthonous sediments and the allocation of a large fraction of their 
production to roots and rhizomes (Duarte et al., 2013). Their high rates of photosynthetic C fixation and 
the low rates of organic matter decomposition in their waterlogged and oxygen-poor soils promote the 

Abstract Support for coastal wetland restoration projects that consider carbon (C) storage as a 
climate mitigation benefit is growing as coastal wetlands are sites of substantial C sequestration. However, 
the climate footprint of wetland restoration remains controversial as wetlands can also be large sources of 
methane (CH4). We quantify the vertical fluxes of C in restored fresh and oligohaline nontidal wetlands 
with managed hydrology and a tidal euhaline marsh in California's San Francisco Bay-Delta. We combine 
the use of eddy covariance atmospheric flux measurements with 210Pb-derived soil C accumulation 
rates to quantify the onsite C sequestration efficiency of restored wetlands and their associated climate 
mitigation service. Nontidal managed wetlands were the most efficient in burying C on-site, with soil C 
accumulation rates as high as their net atmospheric C uptake (−280 ± 90 and −350 ± 150 g C m−2 yr−1). 
In contrast, the restored tidal wetland exhibited lower C burial rates over decadal timescales (70 ± 19 g C 
m−2 yr−1) that accounted for ∼13%–23% of its annual C uptake, suggesting that the remaining fraction is 
exported via lateral hydrologic flux. From an ecosystem radiative balance perspective, the restored tidal 
wetland showed a > 10 times higher CO2-sequestration to CH4-emission ratio than nontidal managed 
wetlands. Thus overall, tidal wetland restoration resulted in a negative radiative forcing through increased 
soil C accumulation, while nontidal wetland restoration led to an early positive forcing through increased 
CH4 emissions potentially lasting between 2.1 ± 2.0 to 8 ± 4 decades.

Plain Language Summary Coastal wetlands have great potential to remove carbon dioxide 
from the atmosphere and mitigate climate change. This study aims to understand how effectively 
restored wetlands bury carbon in soils and sequester it, and the extent to which they produce methane, 
a potent greenhouse gas. We measured how much carbon dioxide and methane flow into and out of 
three restored wetlands differing in their restoration design, salinity, and tidal influence. We found that 
most of the carbon dioxide removed from the atmosphere by nontidal wetlands was stored in their soils, 
while restored tidal wetland soils stored a smaller fraction (13%–23%) of the removed carbon. Despite the 
lower carbon sequestration efficiency, the restored tidal wetland was a greater greenhouse gas sink and 
climate intervention because it emitted very little methane. Methane emissions in nontidal freshwater 
and brackish marshes fully offset the carbon dioxide removed via carbon burial for roughly the first 
2–8 decades, while the tidal wetland contributed to greenhouse gas removal immediately after restoration. 
The merits of nontidal managed wetland restoration lie in increased soil and C accretion, but it should not 
be assumed that soil carbon storage results in an immediate climate mitigation benefit.
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resulted in an early warming effect, 
while tidal restoration resulted in 
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preservation of large quantities of soil C (also known as Blue Carbon) for centuries to millennia, contribut-
ing to the long-term removal of carbon dioxide (CO2) from the atmosphere. The accumulation of mineral 
and organic matter in their soils and the associated increase in soil volume and surface elevation (Morris 
et al., 2002) has allowed these ecosystems to persist for millennia of rising sea level (Kirwan & Megoni-
gal, 2013), protecting the coastline against storm surges and rising tides. With global sea level projected 
to rise at an average rate ranging between 4 to 15 mm yr−1 through the twenty-first century (IPCC, 2019), 
support for coastal wetland restoration projects for both carbon storage and coastal protection is growing 
(Crooks et al., 2014; Fennessy & Lei, 2018; Sapkota & White, 2020) as coastal wetlands can act as net carbon 
sinks (Howard et al., 2017), provide flood control (Mitsch & Gossilink, 2000), and their restoration (Kro-
eger et al., 2017) and conservation (Griscom et al., 2017; Siikamaki et al., 2012) could reduce, mitigate or 
avoid future greenhouse gas emissions. However, the conditions that promote soil C storage in wetlands 
may lead to the production of methane (CH4), particularly in freshwater and brackish systems with salin-
ities <18 (Poffenbarger et al., 2011). Methane is a greenhouse gas roughly 30 times more potent than CO2 
over 100 years (Forster et al., 2007; Neubauer & Megonigal, 2015), and approximately half of global CH4 
emissions come from aquatic ecosystems, including natural, human-created, and human-impacted systems 
(Rosentreter et al., 2021). As a result, the climate footprint of coastal wetland restoration activities remains 
controversial (Hemes et al., 2018; Petrescu et al., 2015) since many sites may emit CH4 at rates that exceed 
C sequestration in terms of CO2 equivalents (Hemes et al., 2018; Rosentreter et al., 2018; Windham-Myers 
et al., 2018). Restoration projects can be designed, managed, or engineered to maximize C sequestration 
(Miller et al., 2008; Mitsch et al., 2014), however, the realization that coastal wetlands can also be large 
sources of methane (CH4) has led to the need to reassess the utility of the soil C storage function as an im-
mediate climate mitigation service.

Accounting of greenhouse gas fluxes in coastal wetland ecosystems is of increasing interest to assess C 
mitigation benefits. Restoration projects can convert such benefits into carbon credits under existing 
global standards such as the VM0003 Methodology for Tidal Wetland and Seagrass Restoration (Emmer 
et al., 2015), or local methodologies like the American Carbon Registry's standard for the restoration of 
California Deltaic and coastal wetlands (Deverel et al., 2017). Common and affordable methods used to es-
timate changes in CO2 emissions involve quantification of C stock changes in biomass and soils, the use of 
chronosequence data, or the radiometric dating of soils to determine average C accumulation rates over the 
lifetime of key radioisotopes, for example, 137Cs (∼70 years) and 210Pb (∼100 years) (Chmura et al., 2003). 
Soil C accumulation rates are often used as a proxy for the net wetland ecosystem C balance (NECB) as 
they represent the balance between C inputs (through photosynthesis or allochthonous C deposition) and 
losses (through respiration to CO2 and CH4 or hydrologic export) (Bogard et al., 2020; Forbrich et al., 2018; 
Keller, 2018). However, quantifying the climate-benefits of coastal wetland restoration projects using the 
approaches mentioned above is often challenging, because the rate of change of soil C stocks is generally 
slow, C stocks and accumulation rate estimates are limited in spatial scale and sampling frequency, nor are 
they adept at sampling the production of CH4 and the hydrologic export of C.

The eddy covariance (EC) method (Baldocchi et al., 1988) is an alternative approach that provides direct 
and continuous measurements of greenhouse gas exchange between wetlands and the atmosphere at eco-
logical- and management-relevant spatial scales (100–1,000 ha depending on tower height and wind dy-
namics). This method has been primarily used in terrestrial systems to study how ecosystem metabolism 
responds to a plethora of biophysical forcings (Baldocchi, 2020). However, the gradual reduction of sensor 
costs and its recent use on a few voluntary and compliance greenhouse gas quantification methodologies 
(Deverel et al., 2017) has led to the realization of its potential to improve C accounting in climate mitiga-
tion projects involving nature-based climate solutions (Hemes et al., 2021). The continuous nature of EC 
flux measurements not only informs how C fluxes respond to interannual climate variability, management, 
and disturbance events (Chamberlain et al., 2020; Hemes et al., 2021) but can also provide information on 
the mechanisms controlling C uptake and emissions. This is particularly important for projections of C 
sequestration potential in the face of climate change. An important consideration to the application of the 
EC method in coastal systems, particularly those that are tidal, is that the atmospheric C exchange may not 
fully represent net C gains, as considerable amounts of C are exchanged laterally with adjacent water bodies 
rather than with the atmosphere (Bogard et al., 2020; Santos et al., 2021; Wang & Cai, 2004). The combina-
tion of discrete soil C accumulation rates estimated by using radionuclides with large-scale, high-frequency 
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EC flux measurements has the potential to provide first-order estimates of the hydrologic C export (Bog-
ard et al., 2020; Forbrich et al., 2018), allowing the calculation of soil accretion and C accumulation rates 
relative to photosynthetic C fixation. The time scales captured by the two methods (i.e., soil C accumula-
tion and EC estimates of atmospheric C fluxes) allow the study of C exchange patterns over representative 
timeframes; from sub-annual to decadal and to century as well as before and after restoration. Such data 
provide valuable information about the capacity of new restored coastal wetlands to keep pace with relative 
sea-level rise through biomass and soil accretion (Morris et al., 2002), improve estimates of NECB and bio-
geochemical models for soil C sequestration and emissions, and allow estimating changes in the radiative 
balance of the ecosystem with management, restoration, or disturbance.

With wetland restoration undertaken increasingly for the benefit of atmospheric CO2 removal and storage 
in the soil, understanding the balance between C sequestration, CH4 emissions, and hydrologic C loss is 
essential to our understanding of how restored or created wetlands will contribute to mitigating climate 
change. By coupling high-frequency EC land-atmosphere C flux measurements with soil accretion and 
C accumulation rates over a set of restored estuarine marshes differing in salinity, tidal influence, and 
landscape configuration, we quantify the stoichiometry of C sequestration, C emissions, and lateral C loss-
es. Using a simple model of radiative forcing, atmospheric lifetimes, and marsh accretion (MEM) (Morris 
et al., 2002; Neubauer, 2014), we further discuss how different restoration designs impact the greenhouse 
gas budget of restored wetlands and how this may change with climate change. From this analysis, we pro-
vide valuable information concerning the benefits and tradeoffs of coastal wetland restoration for climate 
change mitigation and adaptation.

2. Materials and Methods
2.1. Study Site

The study was conducted in California's San Francisco Bay-Delta (Bay-Delta) which, like other populated 
Deltas in the world, is sinking due to human activities (Ingebritsen et al., 2000; Syvitski et al., 2009). By 
1950, all but ∼10% of the Bay-Delta's 2,200 km2 of historic wetland area was diked, drained, or filled for 
urbanization, agriculture, grazing, and salt production (Callaway et al., 2011) leading to massive loss of hab-
itat for fish and wildlife, and severe land surface subsidence that continues to this day (Deverel et al., 2016; 
Deverel & Leighton, 2010; Drexler et al., 2018). In the 1970s, the world's first marsh restoration projects 
began in the Bay-Delta motivated by the desire to reverse the dire situation for native fishes, prevent flood-
ing, and provide recreation areas (Goals Project, 1999). Most recently, the need to protect the region from 
sea-level rise and to reduce C emissions has further spurred major initiatives aimed at restoring extensive 
areas of diked or drained former tidal marshes (CDFW, 2020; Deverel et al., 2017; Goals Project, 2015), mak-
ing the Bay-Delta a region rich in coastal wetland restoration and C storage projects from which lessons can 
be learned to benefit other projects nationally and globally.

Existing large-scale wetland restoration and management efforts in the Bay-Delta include tidal marsh res-
toration projects (e.g., South Bay Salt Pond Restoration Project) but also the construction of freshwater 
nontidal wetlands with managed hydrology at sites where the loss of elevation is too severe for tidal in-
undation and vegetation re-establishment (Callaway et al., 2011). The wetlands considered in this study 
include one restored tidal marsh and two nontidal restored marshes with managed hydrology (Table  1, 
Figure 1). The sites differ in salinity, tidal influence, surface elevation, and landscape configuration, and 
represent different restoration strategies to provide flood management, sea-level rise protection, reversal of 
land surface subsidence, C sequestration, and habitat for fish and wildlife. Individual study sites have been 
described in previous work and are summarized here (Chamberlain et al., 2018; Eichelmann et al., 2018; 
Hammond,  2016; Knox et  al.,  2015). All wetland sites experience a Mediterranean climate, with a long 
growing season from April to October that contrasts with the cold ocean water temperatures observed year-
round (∼12°C) (Vroom et al., 2017).

2.1.1. Tidal Wetland: Mount Eden Creek Marsh

Mount Eden Creek Marsh is a 75-ha restored tidal marsh located within the Eden Landing Ecological Re-
serve in South San Francisco Bay, CA, USA. The mean elevation at the site is 1.65 m NADV88 with a tidal 
range of 1.7 m and salinities above 30. The site is inundated twice daily by semidiurnal tides through Mount 
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Eden Creek, with no upland action. Mount Eden Creek Marsh was restored from old industrial salt evapo-
ration ponds that operated from the late nineteenth century to the early 1970s (Stanford et al., 2013). Marsh 
vegetation was planted in 2011, 3 years after tidal restoration was initiated in 2008. The restoration process 
relied on tidal transport of sediment to rebuild the marsh plain and further tidal transport of seeds for veg-
etation development (Chapple, 2017). About 20% of the marsh area is currently vegetated by pickleweed 
(Salicornia pacifica) and cordgrass (Spartina foliosa) species, and 80% consists of mudflat areas. An EC tow-
er that is part of the Ameriflux Network (US-EDN; Oikawa, 2020) is located at the site. Within the average 
tower footprint (this is the upwind area contributing to the measured fluxes), the landcover is roughly 70% 
mudflat and 30% vegetation.

2.1.2. Nontidal Wetlands With Managed Hydrology: Mayberry and West Pond

The two nontidal wetlands with managed hydrology in this study (hereafter, managed wetlands) are May-
berry (US-Myb; Hatala Matthes et al. 2021), a 121-ha marsh restored in 2010 on former grassland pasture, 
and West Pond (US-Tw1; Valach, Szutu, et al., 2021), a 3-ha marsh restored in 1997 on a former corn field. 
The two sites are located in the western portion of the Sacramento-San Joaquin Delta, on heavily subsid-
ed islands surrounded by levees at −3.73 and −3.17 m relative to mean sea level, respectively (Mount & 
Twiss, 2005), and are also part of the Ameriflux Network (Figure 1). Wetland vegetation at both sites con-
sists mainly of tules (Schoenoplectus acutus) and cattails (Typha spp.), although reeds (Phragmites spp.) are 
also present at Mayberry. The major differences between these two wetlands are the time since restoration 
(wetland age), past land uses, size, and landscape configuration. Differences in bathymetry during wetland 
construction led to differences in the fraction of open water versus vegetation at each site. Mayberry wet-
land was constructed with heterogeneous bathymetry by excavating channels (up to 2 m deep) to provide a 
mosaic of open water and emergent vegetation. In contrast, West Pond was constructed by evenly excavat-
ing the soils of the former agricultural field to create berms for the wetland. The even and shallow bathyme-
try at West Pond has allowed for a very dense and homogeneous vegetation canopy to develop, with little to 
no areas of open water. The water table at both wetlands is managed to be above ground level via a system of 
inlets and outlets. At Mayberry, adjacent river water is piped in occasionally during the dry summer months 
to compensate for evaporative losses and is conveyed within the wetland system via gravity flow through 
the conveyor channels. At West Pond, fresh water is piped in continuously from the San Joaquin River and 
enter the site through an inlet on the southwest corner. Outflows are weirs in the north side of the managed 
wetlands that are raised to compensate for the accumulation of peat and are designed to collect the surface 
layer of water only, reducing high flows and minimizing losses from erosion or export (Miller et al., 2008).

Site id Location Restoration year

Years of 
EC data 
included Tidal influence

Salinity 
(ppt) Wetland cover Land-use history

Mount Eden Creek 
Marsh (US-EDN)

South San 
Francisco Bay

2011 vegetation 
planting

2018–2020 Tidal 30–35 Mudflat 75 ha salt marsh 
restored from 
salt ponds37.6156 N, 

122.114 W
2008 tidal 

restoration
Spartina foliosa

Salicornia pacifica

Mayberry (US-Myb) Sherman Island 2010 2012–2020 Nontidal, managed 
hydrology

1–9 Typha spp. 121 ha wetland 
restored from 
pepperweed and 
annual grassland 
pasture

38.050 N, 
121.765 W

Phragmites spp.

Schoenoplectus 
acutus

Open water

West Pond (US-Tw1) Twitchell Island 1997 2013–2020 Nontidal, managed 
hydrology

0.1–0.3 Typha spp. 3 ha wetland 
restored from a 
former corn field

38.107 N, 
121.647 W

Schoenoplectus 
acutus

Table 1 
Summary Characteristics of Restored Wetland Sites
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2.2. Wetland–Atmosphere Carbon Exchange

Wetland-atmosphere exchange of CO2 (net ecosystem exchange, NEE) and CH4 (FCH4) were quantified 
using the EC method (Baldocchi et al., 1988) and were accompanied by a suite of supporting meteorolog-
ical and environmental measurements. Fluxes were calculated from high-frequency (20 Hz) continuous 
recordings of temperature, water vapor, and CO2 and CH4 concentrations, along with three-dimensional 
measurements of wind velocities using open path infrared gas analyzers (LI-7500 and LI-7700, for CO2 and 
CH4, respectively; Li-COR Biosciences, NE, USA) and a 3-D sonic anemometer mounted on a scaffold at 
each wetland. High-frequency data were integrated to 30 min intervals, and half-hourly fluxes were cal-
culated from the covariance between fluctuations in the vertical wind velocity and concentrations of CO2 
and CH4 using in-house MATLAB software (Detto et al., 2010; Knox et al., 2015). A detailed description of 
tower instrumentation and data processing can be found in the Supporting Information of Chamberlain 
et al. (2018), Eichelmann et al. (2018), and Knox et al. (2018). Briefly, flux corrections and quality control 
were applied and included high-frequency data despiking, 2-D coordinate rotations, density corrections, 
and site-specific friction velocity (u*) filtering (Chamberlain et al., 2017; Knox et al., 2015). Fluxes were 
further filtered for wind directions 290°–240° at West Pond (US-Tw1) to avoid accounting for fluxes from 
adjacent wetland types. We gap-filled missing fluxes using artificial neural networks (ANNs) as previously 

Figure 1. Overview of the San Francisco Bay-Delta with a digital elevation model from Fregoso et al. (2017) (a) and wetland study locations (b–d). Pins 
represent eddy covariance tower locations and footprint rings correspond, from largest to smallest, to the 90%, 85%, 80%, 70%, and 50% cumulative flux 
footprints. Solid circles are soil core locations.
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outlined in Knox et al. (2015, 2018). Gap filling relied on model inputs based on season, time of day, net 
radiation, water, soil and air temperature, water table depth, vapor pressure deficit, friction velocity, and 
latent heat (Moffat et al., 2007; Papale et al., 2006). The median of the 20 ANN predictions was used to fill 
missing fluxes, and the variance was used to estimate gap-filling uncertainty.

The net atmospheric C exchange was computed from the integrated annual sum of NEE (g C−CO2 m
−2 yr−1, 

where negative denotes net ecosystem CO2 uptake) and FCH4 (g C−CH4 m
−2 yr−1) after gap filling and was 

compared with estimates of organic C accumulation rates (CAR) derived from soil cores and 210Pb and 137Cs 
radiometric dating. Here, CAR was used as a proxy for Net Ecosystem Carbon Balance (NECB) (Equation 1).

   4 hydrologicNECB NEE FCH F (1)

It should be noted that the sign of NEE generally depends on discipline and is often study-specific. Fhydrologic 
is the wetland C flux leaving the system via lateral hydrologic export (e.g., in the form of particulate and 
dissolved organic and inorganic C).

2.3. Soil Organic Carbon Accumulation Rates (CARs)

Three soil cores were taken at each wetland site within the EC flux footprint in 2019 (total n = 9 cores). At 
the tidal wetland (US-EDN), short cores (24–35 cm long, 10 cm inner diameter) were collected by manually 
inserting PVC tubes into the soil at the three main landcover types present at the wetland: “mudflat,” “spar-
tina,” and “pickleweed.” At the two managed wetlands (US-Tw1 and US-Myb), three cores at each site were 
collected using a barge-mounted tripod and PVC piston corer (150 cm long and 6.2–10 cm inner diameter) 
following methods adapted from Sansone et al. (1994). A cutting head and a core catcher were attached to 
the bottom edge of the PVC tubes to cut through roots and rhizomes, reducing compaction of peat soils and 
preventing losses when raising the tube from the borehole. Despite efforts to minimize compaction, differ-
ences between the core insertion depth and the depth of the retrieved peat were observed and recorded, 
and compaction corrections to depth layers were applied following Morton and White (1997). Compaction 
during coring averaged 24% and 17% at West Pond and Mayberry, respectively. Cores were transported to 
the laboratory, where they were kept refrigerated at 4°C until processing. A soil extruder was used to extract 
the soils, which were then sliced at 1 to 2 cm-thick intervals for analysis. The different coring methods and 
slicing thicknesses were chosen according to the soil type, wetland age, peat depth, and expected sedimen-
tation rates. Soil samples were weighed wet and then dried at 60°C until a constant weight was achieved. 
At the tidal wetland, soil dry bulk density (DBD; g cm−3) was estimated from a 1 cm3 subsample at each 1 
cm-thick slice. At nontidal wetlands, DBD was calculated as the whole slice dry sample mass divided by the 
core tube volume. The soil mass per unit area (a.k.a. mass depth; g dry soil cm−2), which is not affected by 
soil compaction (Gifford & Roderick, 2003; Wendt & Hauser, 2013), was estimated at each layer by divid-
ing the dry sample mass by the corer area sampled. CARs were calculated based upon mass per unit area  
(g cm−2) rather than depth or volume (i.e., DBD) to implicitly correct for artificial and natural compac-
tion and potential uncertainties introduced during manual slicing. For visualization purposes, soil profiles 
throughout this manuscript were plotted using uncompressed depth.

Soil C and total nitrogen contents were measured at 1–3 cm resolution throughout the upper 35 cm and in 
alternate slices every 5 cm below this depth. Prior to analysis, soil samples were sieved (1 mm) to remove 
roots and litter before being ground to a fine powder. Subsamples (14–16 mg of tidal wetland soils, and 
2–4 mg of nontidal peat soils) were weighed into silver cups, acidified with 1M HCl (tidal soils) and 6% 
sulfurous acid (nontidal soils), dried at 60°C and analyzed using an elemental analyzer. Stable isotopes of 
soil C (d13C) were analyzed in nontidal wetland soils using an elemental analyzer–isotope ratio mass spec-
trometer (Stable Isotope Laboratory, SIL) at the University of California Santa Cruz. Replicate and control 
samples (acetanilide) were run during C and d13 C analysis. The accuracy and precision of C measurements 
were ±0.46% and ±0.57%, respectively, and for d13 C, they were ±0.05‰ and ±0.08‰, respectively. Organic 
matter content (% dry weight) was determined in all soil samples as loss on ignition (LOI) at 550°C for 5 hr 
(Heiri et al., 2001) and was used to estimate C content of samples where elemental C was not analyzed (i.e., 
alternate samples in nontidal managed wetland soils) through the C%-LOI% relationship estimated for soils 
in this study (C% = 0.513 ± 0.007 × LOI% - 1.9 ± 0.4) (Figure S1).
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Specific activities of 210Pb were measured in all cores to assess soil and C 
accumulation rates since restoration. In tidal wetland soils, total 210Pb and 
137Cs were determined using gamma spectrometry through their emis-
sion lines at 46.5 and at 661.6 keV, respectively. In managed wetland soils, 
total 210Pb was determined using alpha spectrometry through the analy-
sis of its granddaughter 210Po after complete sample digestion following 
Sanchez-Cabeza et al. (1998). The certified reference material IAEA-447 
was analyzed alongside soil samples, and the accuracy of the 210Pb(210Po) 
measurements averaged 96 ± 4%. The specific activities of excess 210Pb 
(210Pbxs) used to obtain the age models were determined as the difference 
between total 210Pb and 226Ra (supported 210Pb). Specific activities of 226Ra 
were determined by gamma spectrometry through the measurement of 
its decay product, 214Pb, at 295 and 352 keV using calibrated geometries 
in HPGe detectors (CANBERRA, Mod. BE3825, and CANBERRA, Mod. 
SAGe Well). 226Ra was determined in all sampled depths in tidal wetland 
soils and in selected depths along managed nontidal wetland soils. In the 
latter, total 210Pb activities at depth derived by alpha spectrometry and 
226Ra specific activities via gamma were within error of one another, con-

firming the agreement between alpha and gamma methods. Disaggregated soil core data from this manu-
script is available at Arias-Ortiz et al. (2021) and Carlin et al. (2021).

Organic CARs since restoration were estimated by integrating soil C stocks down to the restoration depth 
(in areal mass units; g dry soil cm−2) and dividing by wetland age (t) (i.e., the time elapsed since planting). 
The depth of restoration was identified using 210Pb age-depth models in tidal wetland soils (US-EDN). Spe-
cifically, we applied the Constant Rate of Supply (CRS) (Appleby & Oldfield, 1978) and its Bayesian coun-
terpart, the Plum model (Aquino-López et al., 2018), to date soils. We validated the resulting chronologies 
independently with the 1963 137Cs specific activity peak, corresponding to the time of maximum deposition 
from nuclear atmospheric testing (Robbins & Edgington, 1975).

Regular 210Pb dating models could not be applied in soils from nontidal managed wetlands, which were ex-
cavated for restoration purposes. At these sites, we used a box model approach (Figure 2, Equation 2) based 
on the annual atmospheric flux of 210Pbxs estimated for the area (Fref = 36 ± 3 Bq m−2 yr−1). The atmospheric 
flux of 210Pbxs was calculated through Equation 3 from the mean 210Pbxs inventory (Iref = 1140 ± 96 Bq m−2) 
of six dated intact wetland soils in Browns Island (Callaway et al., 2012), which is 10–20 km away from our 
sites (Figure 1). Direct measurements of 210Pbxs atmospheric deposition in artificial collectors in Berkeley, 
CA, were 32 ± 2 Bq m−2 yr−1 (Monaghan et al., 1986) and further corroborated our reference 210Pbxs flux es-
timate. The box model was applied to calculate the 210Pbxs inventory (It) expected to have accumulated since 
restoration (t) at each site (Equation 2). The restoration depth was then inferred from the soil mass-depth  
(g cm−2) at which these inventories were met.

Differences in annual NEE, FCH4, net atmospheric C uptake (−NEE + FCH4), and C accumulation rates be-
tween restored wetland sites were analyzed using an ANOVA and a least significant difference (LSD) means 
comparison test after confirming normality of their distribution with a Shapiro-Wilk test. All statistics were 
run using a level of significance of <0.05.

2.4. Wetland Radiative Balance and Radiative Forcing

We estimated the radiative balance (i.e., the radiative state of an ecosystem) for each of the restored wetlands 
by modeling the fate of atmospheric CO2 and CH4 as they are sequestered by, or emitted from, the restored 
wetlands. We used a modeling approach of sustained CH4 and CO2 fluxes as described in Neubauer (2014) 
at annual time steps. Methane emissions from EC measurement systems and soil organic C accumulation 
rates were used as input variables. High-frequency NEE fluxes were not used to model CO2 sequestration 
since the fate of the potential hydrologic C export remains unknown. Different radiative efficiencies and 
atmospheric residence times of CO2 and CH4 were considered, as well as the oxidation of CH4 to CO2 and 
the atmospheric CO2 feedbacks with various non-atmospheric reservoirs (Table S1). The CO2 and CH4 pools 
were converted to kg CO2 and kg CH4, respectively, before applying radiative efficiency values. The radiative 

Figure 2. Box model approach to estimate the 210Pbxs inventories 
accumulated since restoration in nontidal managed wetland soils (It). 
210Pbxs enters the system through atmospheric fallout and leaves through 
decay. It is the 210Pbxs inventory accumulated since restoration, Fref is 
the 210Pbxs atmospheric flux in the area, λ is the 210Pb decay constant 
(0.03108 years−1), and t is the time since restoration.
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balance of restored wetlands was modeled for a 500-year period under stable environmental conditions 
considering (1) the net radiative effect of CH4 emissions and CO2 sequestration at a moment in time (in-
stantaneous radiative balance) and (2) the net cumulative effect of CH4 and CO2 dynamics integrated over 
the entire modeled period (cumulative radiative balance). The debate continues about how to best interpret 
CO2 equivalent emissions of the shorter-lived CH4 compared to CO2 (Allen et al., 2018; Lynch et al., 2020; 
Neubauer & Megonigal, 2015; Rogelj & Schleussner, 2019). For this reason, we have chosen to model the 
radiative forcing of CO2 and CH4 flux dynamics as described above rather than using a particular standard 
metric, for example, the Global Warming Potential (GWP) (Myhre et al., 2013) or the Sustained-flux Global 
Warming Potential (SGWP) (Neubauer & Megonigal, 2015). The wetland switchover time (this is the time 
needed to switch from a positive to a neutral or negative radiative balance) was determined as the crossover 
point where net radiative balance reaches zero. This occurs when the warming effect due to CH4 emis-
sions is overtaken by the cumulative removal (i.e., cooling effect) of CO2. We run a Monte Carlo simulation 
(n = 1,000) to capture the variability in switchover times due to the interannual variability in CH4 emissions 
and uncertainty in soil organic C accumulation rates.

To appreciate the effects of wetland restoration on climate, the impact of a restoration action, or “radiative 
forcing,” was considered relative to the baseline condition of greenhouse gas emissions prior to restoration. 
We used the same modeling approach described above adapted to account for changes in CH4 and CO2 
instead of the magnitude of these fluxes. The change in the radiative forcing (D) caused by marsh resto-
ration was calculated as the difference between the radiative balance of the restored wetland and that of 
the previous land use (salt pond at US-EDN, pasture at US-Myb, and corn field at US-Tw1). Greenhouse 
gas emissions and sequestration from crop- and pasturelands in the Delta have been estimated by Hemes 
et al. (2019) using EC flux systems. Specifically, we used published data from Twitchell corn and Sherman 
pasture as they are located in the same Delta Islands as our managed wetlands and would have similar 
soil C stocks and characteristics to pre-restoration land uses. Baseline CO2 sequestration during salt pond 
harvesting at the restored tidal marsh was estimated from the age-depth model and soil organic C content 
accumulated between 1900 and 1970 when salt harvesting was active. A steady decrease in soil C content 
during and after this period was not observed in soil cores at the tidal wetland, suggesting that changes in 
soil C content with depth were unrelated to C loss with age. Methane emissions during salt pond operation 
were considered negligible, which may be a reasonable assumption given the brine conditions (salinity >50) 
and the low CH4 emissions observed at salinities >20 (Poffenbarger et al., 2011). In addition, in the absence 
of available estimates, it is conservative to assume that no CH4 was emitted from the baseline condition 
while considering CH4 emissions from the restoration project. Radiative forcing switchover times were dis-
cussed in light of projected climate change impacts such as tidal marsh collapse with accelerated sea-level 
rise, levee failure in the subsided Delta Islands, and wetland salinization.

3. Results
3.1. Wetland-Atmosphere C Balance

EC CO2 and CH4 flux measurements showed that the three restored wetlands had a net negative atmos-
pheric C balance (denoting C removal from the atmosphere) on an annual basis averaged over 3–9 years 
(Figure 3). Seasonal variations in CO2 flux were observed at the three sites. The restored tidal wetland (US-
EDN) was net autotrophic nearly year-round (negative NEE), with higher uptake rates observed during the 
growing season and low net respiration only during the winter months of December and January. Nontidal 
wetlands with managed hydrology exhibited net CO2 uptake (negative NEE) during the growing season but 
net respiration (positive NEE) during the winter months (Figure 3). Cumulative NEE for all years on record 
was negative at the three sites, averaging −386 ± 28 g C-CO2 m

−2 yr−1 at the restored tidal wetland, and 
−334 ± 70 and −357 ± 102 g C-CO2 m

−2 yr−1 at the young (US-MyB) and old (US-Tw1) managed wetlands, 
respectively (mean ± interannual standard error). No significant differences were observed in mean multi-
year NEE between sites (ANOVA; F2,17 = 0.06, p = 0.94).

Methane emissions were large in restored wetlands with managed hydrology and peaked 10–15 days after 
maximum net ecosystem productivity during the growing season. In contrast, negligible CH4 emissions 
were observed at the restored tidal wetland during most of the year, with low fluxes between June and 
September. Annual cumulative emissions of CH4 were 0.62 ± 0.20 g C-CH4 m

−2 yr−1 at the tidal restored 
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wetland, which contrasts with cumulative yearly emissions of 44 ± 5 and 37 ± 4 g C-CH4 m
−2 yr−1 at the 

young and old nontidal managed wetlands, respectively. Significant differences were observed in mean mul-
tiyear FCH4 between the restored tidal and nontidal managed wetlands (ANOVA; F2,17 = 12.7, p < 0.001), 
but the means test for multiple comparisons found that FCH4 was not significantly different between the 
two nontidal managed wetlands (p = 0.29, 95% C.I. = −6.5, 20.2).

The net atmospheric C balance between uptake and emissions (i.e., −NEE + FCH4) was negative at the 
three restored wetlands and accounted for −386 ± 28, −290 ± 72 and −320 ± 101 g C m−2 yr−1 at the tidal 
wetland and young and old managed wetlands, respectively. Although the multiyear net C balance was not 
significantly different between the sites (ANOVA; F2,17 = 0.18, p = 0.83), large interannual variability was 
observed at nontidal wetlands with managed hydrology (Figure 3).

3.2. CARs and NECB

Results from soil cores showed that organic carbon content varied with depth and increased from tidal to 
nontidal managed wetlands and with restoration age (Figure 4). On average, organic C content in the up-
per ∼30 cm of soils in the restored tidal wetland (∼20 g cm−2) was 7–10 times lower than that in restored 
nontidal wetlands with managed hydrology over the same mass depth horizon, which was equivalent to 
∼45 and ∼85 cm at the young and old managed wetlands, respectively. Differences in organic C content 
across restored wetlands were even more pronounced in surface soils. Surface organic C content in tidal 
wetland soils ranged between 2.7% and 4.4% and decreased in the upper 5 cm. Below this depth, organic 
C content fluctuated between surface concentrations and ∼1.5%–2%. In restored nontidal wetlands, soil C 

Figure 3. Wetland mean (10 days moving mean) net ecosystem exchange (NEE), methane flux (FCH4) (a and b) and integrated atmospheric carbon balance  
(−NEE + FCH4) (c) for all vegetated years on record. Shaded area indicates 95% confidence intervals. Filled circles in panel c indicate net atmospheric C 
balance for individual years. Entire time-series in Figure S2. All vegetated site-years exclude the first year of restoration at Mayberry before vegetation was 
established.
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Figure 4. Soil organic carbon, (c) N and d13 C depth profiles (left) and 210Pb results (right) for the soil cores collected in 
the tidal wetland US-EDN (a) and nontidal wetlands with managed hydrology: US-Myb (b) US-Tw1 (c). Vertical lines 
indicate the year of restoration t (a) or expected 210Pbxs inventory accumulated since restoration (It) (b), (c). Horizontal 
lines indicate restoration depth. Note that the scale of the horizontal axis differs between panels. Dry bulk density and 
137Cs depth profiles in Figure S3.



Journal of Geophysical Research: Biogeosciences

ARIAS-ORTIZ ET AL.

10.1029/2021JG006573

11 of 22

content ranged between 18% and 40% in the upper ∼5 and ∼37 cm in the young and old managed wetlands, 
respectively. Below these depths, organic C content remained constant at 15%–18% and increased to values 
of 25%–30% below 80 cm. Differences in soil DBD across sites followed the opposite trend than that of or-
ganic C (Figure S3).

Excess 210Pb was found in all cores and, despite some variability, it decreased from the surface to below 
detection at depths between 18 and 20 cm (11 g cm−2) at the tidal wetland, 8–14 cm (4 g cm−2) at the young 
nontidal wetland, and between 30 and 44 cm (3 g cm−2) at the old managed wetland (Figure 4). Mean mass 
and organic C accumulation rates since restoration were estimated by integrating soil mass and organic 
C stocks down to the depth of restoration and dividing by the wetland's age at the time of core collection. 
The depth of restoration at the tidal wetland (i.e., 2011) was found at 4–5 cm (1.8–2.7 g cm−2) by applying 
the Plum dating model (Figure  4), which yielded similar results as the CRS model in the upper 15  cm 
(Figure S4). These chronologies were further validated by the 1963 maximum fallout of 137Cs at 13–15 cm, 
which presence also excluded the possibility of mixing downcore in 2 of the 3 soil profiles (Figures 4 and 
S3). Mean organic C accumulation rates at the restored tidal wetland ranged between 51 ± 12 g C m−2 yr−1 
and 85 ± 16 g C m−2 yr−1 since restoration (Table 2). During salt harvesting (1900–1970), average soil organic 
C accumulation rates ranged between 14 ± 8 and 27 ± 18 g C m−2 yr−1. At the nontidal wetlands with man-
aged hydrology, the depth of restoration was found at ∼5 cm (or 1.10 g cm−2) at the young managed wetland 
and at 30–44 cm (or 2.4 g cm−2) at the old managed wetland. These depths correspond to the depth at which 
the 210Pbxs inventories reached 286 ± 24 Bq m−2 and 562 ± 47 Bq m−2, respectively, which are the 210Pbxs 
inventories expected to have accumulated since restoration (from 2010 to 2019 after correction for decay 
during the 9-year period, and from 1997 to 2019 after correction for decay during the 22-year period, respec-
tively). The depth marking the onset of restoration at the nontidal wetlands with managed hydrology was 
accompanied by synoptic shifts in C%, DBD, and a decrease of d13 C, further validating 210Pb results. What 
was identified as the newly accreted material had very low bulk densities (0.23 and 0.08 g cm−3 at the young 
and old wetlands) and lower d13 C signatures (−28.1 ± 0.2 and −29.1 ± 0.1‰), which drastically changed 
below the restoration horizon to denser soils (0.63 and 0.54 g cm−3) and higher d13 C (−26.7 ± 0.1‰ at both 
sites) (Figures 4 and S3).

Mass accumulation rates per unit ground area, which consist of the net accumulation of inorganic and or-
ganic material, were higher at the restored tidal wetland (0.26 ± 0.08 g cm−2 yr−1) than at nontidal wetlands 
with managed hydrology (0.12 ± 0.05 g cm−2 yr−1). When volume was factored in, the highest accretion 
rates were registered at the old managed wetland and ranged between 1.3 ± 0.2 and 2.2 ± 0.6 cm yr−1. Mean 

Site id Years since restoration Core id MAR (g cm−2 yr−1) SAR (cm yr−1) CAR (g C m−2 yr−1)

US-EDN 8 Mudflat 0.22 ± 0.05 0.62 ± 0.14 51 ± 12

Spartina 0.34 ± 0.06 0.65 ± 0.12 85 ± 16

Pickleweed 0.22 ± 0.05 0.49 ± 0.12 73 ± 17

Mean SD 0.26 ± 0.08 0.56 ± 0.11 70 ± 19

US-Myb 9 Typha M1 0.08 ± 0.02 0.63 ± 0.07 220 ± 40

Phragmites 0.16 ± 0.03 0.61 ± 0.05 375 ± 70

Typha M2 0.125 ± 0.013 0.40 ± 0.03 240 ± 25

Mean SD 0.12 ± 0.04 0.55 ± 0.13 280 ± 90

US-Tw1 22 Typha W1 0.14 ± 0.04 2.2 ± 0.6 460 ± 140

Typha W2 0.15 ± 0.05 1.4 ± 0.2 370 ± 120

Typha W3 0.08 ± 0.04 1.32 ± 0.15 210 ± 100

Mean SD 0.12 ± 0.05 1.65 ± 0.54 350 ± 150

Note. MAR refers to mass accumulation rate, SAR to soil accretion rate, and CAR to organic carbon accumulation rate. 
Nontidal wetland SARs were corrected for core compaction thus should be considered as apparent rates.

Table 2 
Mean Sediment and Organic Carbon Accumulation Rates in the Tidal and Nontidal Wetlands With Managed Hydrology 
Since Restoration
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organic C accumulation rates since restoration were similar at the two nontidal wetlands with managed 
hydrology and averaged 280 ± 90 and 350 ± 150 g C m−2 yr−1 at the young and old managed wetlands, 
respectively (Table 2). These rates contrast with the ∼5 times lower organic C accumulation of 70 ± 19 g C 
m−2 yr−1 observed at the tidal wetland since restoration. Indeed, the estimated soil organic C accumulation 
rate at the restored tidal wetland was 13%–23% of the net atmospheric C uptake measured by the EC tower. 
Conversely, no significant differences were observed between net atmospheric C uptake and soil organic 
C accumulation rates since restoration at nontidal wetlands with managed hydrology (US-Myb: ANOVA; 
F1,10 = 0.008 p = 0.94; US-Tw1: ANOVA; F1,9 = 0.02 p = 0.88) (Figure 5)

4. Discussion
4.1. Restored Estuarine Wetlands as Net CO2 Sinks

The restoration and creation of coastal wetlands have great potential to attract C financing due to the high 
soil C sequestration rates and large pools of C contained within these systems (Bridgham et al., 2006; Du-
arte et al., 2013). High rates of wetland C sequestration are a function of high rates of primary productivity, 
which occur despite the stresses associated with growing in water-saturated and often saline environments. 
The three restored coastal wetlands in this study were large CO2 sinks and showed mean annual NEE rates 
ranging between −386 ± 28 and −334 ± 70 g C−CO2 m

−2 yr−1, with no significant differences observed 
between sites. These rates are in line with those observed in mature fresh and brackish tidal marshes in 
Louisiana (−337 g C m−2 yr−1; Krauss et al. 2016), California (−225 g C m−2 yr−1; Knox et al. 2018) or in a 
salt marsh in Massachusetts (−336 to −256 g C m−2 yr−1; Forbrich & Giblin,, 2015) and are on the higher 
end of NEE rates observed in other ecosystems across the world such as in inland peatlands (Bridgham 
et al., 2006; Webb et al., 2018). The high net ecosystem productivity of the restored wetlands in the San Fran-

Figure 5. Comparison of carbon sequestration rates as estimated by mean soil carbon accumulation rates since 
restoration and by eddy covariance net atmospheric carbon uptake (−NEE + FCH4). Filled circles are estimates 
from individual soil cores (brown) and from individual eddy covariance vegetated site-years (blue). Organic carbon 
sequestration rates in soils represent the mean annual estimate since restoration (8 years, 9 years, and 22 years at US-
EDN, US-Myb, and US-Tw1, respectively). Eddy covariance carbon sequestration rates represent the multiyear average 
of individual vegetated site-years (3 years, 9 years, and 8 years at US-EDN, US-Myb, and US-Tw1, respectively).
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cisco Bay-Delta is driven by its long growing season, warm air temperatures, large macrophyte vegetation 
(∼3 m tall in nontidal wetlands), and cold water temperatures and inundation that lower annual ecosystem 
respiration (Barr et al., 2013; Eichelmann et al., 2018; Guo et al., 2009; Xie et al., 2014). While estuarine 
wetlands, including our sites, are typically net sinks of atmospheric CO2, nontidal wetlands with managed 
hydrology exhibited large interannual variability.

Succession and disturbance have been identified as the causes of variability in previous studies (Chamber-
lain et al., 2020; Hemes et al., 2019). Insect outbreaks and a drought-induced salinization event reduced 
CO2 uptake at the young nontidal managed wetland (US-Myb) to near neutrality during 2013 and 2016, and 
water table fluctuations caused the largest year-to-year variability at the old nontidal managed wetland (US-
Tw1). In the latter, a 6-month period of water tables below the surface spanning halfway into the growing 
season caused the wetland to become a net CO2 source during 2019, resulting in between-year variation 
reaching 480 g C-CO2 m

−2 yr−1 (Figure S2). Methane emissions are inherently linked to plant productivity 
(Bridgham et  al.,  2013); thus, reductions in NEE due to disturbance were often accompanied by reduc-
tions in FCH4 (Figure S2) (Chamberlain et al., 2020; Sturtevant et al., 2016). Unintended short-term water 
drawdowns have become more frequent in recent years, influencing FCH4 on multiple time scales and 
seemingly causing an overall decreasing trend at the young and old managed wetlands (Figure S2) (Valach 
et al., 2021). This trend contrasts with those observed at other restored nontidal wetlands in the Delta (Val-
ach et al., 2021), suggesting that ongoing site-specific factors might be driving FCH4 variability. The shorter 
record of greenhouse gas exchange at the restored tidal wetland complicates assessing interannual variabil-
ity, however, the 3 years of NEE recorded at this site are similar (average: −386, range of 95 g C m−2 yr−1). 
Large interannual variability has been observed in other tidal wetlands due to disturbance with minimal 
data on high-frequency FCH4. A tidal mesohaline marsh in Louisiana affected by salinization and submer-
gence was observed to be a net CO2 source, emitting 171 g C-CO2 m

−2 yr−1 (Krauss et al., 2016), and an urban 
tidal marsh in the Hudson-Raritan estuary affected by invasive species showed a 4-fold difference in NEE 
(from −310 g C-CO2 m

−2 yr−1 to 984 g C-CO2 m
−2 yr−1; Schäfer et al., 2014), highlighting the potential for 

large interannual variability also in tidal wetland NEE. Studies to attribute cause and effects of year-to-year 
variability need decades of data (Chu et al., 2017). Such long-term studies are critical if wetland restoration 
is to be successful, permanent, and an effective tool to mitigate climate change.

4.2. Contrasting Soil and Carbon Accumulation at Tidal and Nontidal Wetlands

210Pb dating and analysis of organic C in soil cores indicated that most or part of the C fixed from the at-
mosphere was accrued in soils since restoration at nontidal managed and tidal wetlands, respectively. All 
restored sites in this study were at least a decade old (Table 1), providing enough time for vegetation growth 
and litter accumulation cycles to establish (Valach et al., 2021) as well as for the successive burial of yearly 
mineral and organic matter cohorts, leading to observable changes in soil properties. Soil C accumulation 
rates in this study were estimated since restoration. Therefore, they should be considered short-term rates, 
given that the process of soil development and peat formation encompasses centuries to millennia (Drex-
ler, 2011; Drexler, Fontaine, & Brown, 2009).

Soil organic C accumulation rates estimated since restoration averaged 70 ± 20 g C m−2 yr−1 at the tidal 
wetland (US-EDN), in good agreement with the average C accumulation rate of 79 g C m−2 yr−1 estimated 
across tidal wetlands in the San Francisco Bay-Estuary based on 210Pb dating (Callaway et al., 2012). The 
organic C accumulation at the restored tidal wetland constituted a small fraction (∼3%) of the bulk accumu-
lation, dominated by the mineral fraction (Figure 4). This explains the two times higher mass accumulation 
rate observed at the restored tidal wetland than those measured at nontidal wetlands with managed hydrol-
ogy (tidal: 0.26 ± 0.08 g cm−2 yr−1 and nontidal: 0.12 ± 0.05 g cm−2 yr−1). In the latter, biomass accumulation 
from emergent vegetation was primarily responsible for the observed soil accretion and organic C accu-
mulation rates. The newly accreted material had low DBD (0.08–0.23 g cm−3) and high organic C content 
(18%–44%), resembling historic unoxidized peat soils in the Delta (0.19 g cm−3 and 30% C; Drexler, Fontaine, 
and Brown [2009]), which were also preserved in our cores below 80 cm depth (Figure 4). Low values of 
d13 C observed in the newly accreted material, typical of emergent vascular plants such as cattails (∼−31 
to −22‰) (Cloern et al., 2002), further reflected the critical contribution of autochthonous biomass accu-
mulation to soil accretion and C sequestration in nontidal managed wetlands. Soil accretion rates ranged 
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from 0.56 ± 0.11 cm yr−1 at the tidal and young managed wetland to 1.65 ± 0.54 cm yr−1 at the old nontidal 
wetland with managed hydrology. The 3-fold difference in soil accretion rates observed between restored 
wetland sites can be explained by the mineral versus organic nature of the newly accumulated soils and the 
effect of shallow permanent flooding on enhancing vertical accretion. Previous studies have shown that 
the organic fraction produces nearly all the volume of the soil (Craft et al., 1993; Redfield, 1972) and that 
vertical accretion at sites characterized by organic root-bound mass substrates, like the nontidal wetlands 
in this study, is strongly affected by hydrologic factors and substrate buoyancy (Ewing & Vepraskas, 2006; 
Miller et al., 2008). The latter is evidenced by the difference in accretion rates between the old and young 
nontidal managed wetlands, which despite having similar ecosystem productivity and soil characteristics, 
standing water at the young nontidal wetland is limited to channels as opposed to the old wetland, which is 
homogeneously flooded to depths of about 25 cm.

4.3. Wetland Carbon Flux Stoichiometry

Nontidal wetlands with managed hydrology showed the largest soil C sequestration efficiency onsite, as the 
mean multiyear net atmospheric C uptake was equivalent to the mean organic C accumulation rate in soils 
(Figure 5). The managed nontidal wetland design with long water residence times and limited erosion or 
export (Miller et al., 2008) resulted in efficient trapping of autochthonous C while limiting the sources of C 
loss to decomposition in situ, thus explaining the excellent agreement between soil organic C accumulation 
rates since restoration and EC atmospheric C flux measurements. At the restored tidal wetland, soil organic 
C accumulation rates since restoration were 4–5 times lower than those at the nontidal managed wetlands, 
despite no significant differences in net ecosystem C exchange (NEE) were observed between sites. Indeed, 
mean organic C accumulation rates since restoration accounted for only 13%–23% of the fixed atmospheric 
C at the tidal wetland site, suggesting that lateral hydrologic export is reducing onsite C sequestration.

The difference between the estimated net atmospheric C uptake (–NEE + FCH4) and the mean soil organic 
C accumulation rate since restoration at the tidal wetland would suggest a first-order estimate of lateral C 
export of 320 ± 30 g C m−2 yr−1. This is considerably larger than estimates of 70–100 g C m−2 yr−1 reported 
by Forbrich et al. (2018) and Bogard et al. (2020) in high marsh settings characterized by limited drainage 
and flooding frequency, but align with estimates of C export from other sites experiencing semidiurnal 
flooding (from 414 to ∼1,500 g C m−2 yr−1; Chu et al., 2018; Maher et al., 2013, 2018; Wang et al., 2016). The 
hydrologic C export estimated by Forbrich et al. (2018) and Bogard et al. (2020) accounted for 40%–50% of 
the marsh NEE and was similar to, or lower than, the marsh soil C accumulation rate. In contrast, the lateral 
inorganic C export estimated by Wang et al. (2016) and Chu et al. (2018) from an intertidal polyhaline marsh 
was 4–9 times larger than the estimated C burial rate (120 ± 50 g C m−2 yr−1, Gonneea et al., 2019) similar to 
Maher et al. (2018), where the total lateral C flux from a mangrove ecosystem was 10 times the soil C burial 
rate. These flux stoichiometries are comparable to those observed at US-EDN, where the estimated lateral C 
export is between 4 to 7 times larger than the observed soil C accumulation rate and accounts for ∼80%–90% 
of its net atmospheric uptake. Although our estimate is a first-order estimate of the average lateral C export 
since restoration, it is in line with global estimates of tidal wetland C budgets, which suggest that 80 ± 7% of 
the net C uptake from the atmosphere is balanced by net lateral export to adjacent water bodies, with only 
20 ± 7% buried in soils or sediments (Najjar et al., 2018).

An increasing number of studies identify dissolved inorganic C to be the dominant form of C exported via 
tidal exchange in tidal marshes and mangroves (Bogard et al., 2020; Cabral et al., 2021; Maher et al., 2018; 
Santos et al., 2019; Taillardat et al., 2018). Preliminary lateral C flux data at US-EDN suggest that the bulk 
of the C export is as dissolved inorganic C, mainly in bicarbonate form with much smaller fractions as 
dissolved CO2 and carbonate (pers. comm. Oikawa). Further research is needed to constrain the fate of the 
hydrologic C export, however, C exported as carbonate and bicarbonate (i.e., as carbonate alkalinity) is more 
likely to be stored in the ocean compared to C exported as CO2, which will return to the atmosphere on short 
time scales (Santos et al., 2021).
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4.4. Influence of Wetland Restoration on Climate

When a wetland is degraded and drained, greenhouse gas fluxes often shift toward increased oxidation of soil 
C to atmospheric CO2 and reductions in rates of CH4 emissions. Conversely, when wetlands are reflooded, 
or the hydrology is restored and vegetation re-established, soil organic C accumulates, and greenhouse gas 
fluxes may change direction. Evidence for enhanced CO2 emissions from degraded agricultural peat soils 
and the potential for restored wetlands to sequester C is widespread in the Sacramento-San Joaquin Delta 
and elsewhere (Evans et al., 2021; Hatala et al., 2012; Hemes et al., 2019). Hemes et al. (2019) showed that 
degraded agricultural peat soils were consistently neutral to net C sources, losing C to the atmosphere 
mostly in the form of ecosystem CO2 respiration, and that restored wetlands, on the other hand, were con-
sistently neutral to negative C emitters, with unintended CH4 emissions. Restoring drained landscapes back 
to flooded conditions has been shown to inhibit soil C oxidation; however this often comes at the cost of 
increased CH4 emissions, particularly in fresh and oligohaline systems (Hemes et al., 2018; Poffenbarger 
et al., 2011). Permanent freshwater flooding combined with warm air temperatures, C-rich soils, and a long 
growing season results in large CH4 emissions as observed at the nontidal wetlands with managed hydrolo-
gy in this study (Figure 3), which record some of the highest CH4 fluxes measured across similar wetlands 
around the world (Bridgham et al., 2006; Hemes et al., 2018) and contrast with the >40-fold lower CH4 flux-
es observed at the restored tidal wetland, growing in the same climate and region. The euhaline conditions 
at the tidal wetland play an important role in the very low CH4 fluxes observed at this site, however, low 
CH4 fluxes (∼1.1 g CH4 m

−2 yr−1) and high CO2 sequestration to CH4 emission ratio (245:1) have also been 
observed in an oligohaline tidal wetland in the Bay-Delta (US-Srr) (Callaway et al., 2012; Windham-Myers 
et al., 2020), suggesting that incoming and receding tides may also play a role modulating CH4 emissions, 
for example through the replenishment of terminal electron acceptors that suppress methanogenesis, such 
as sulphate and oxygen (Emery & Fulweiler, 2017; Kroeger et al., 2017).

The ratio of CO2 sequestration to CH4 emissions and the C fluxes from the previous land-use determine 
how long it takes for a newly restored wetland to have a net cooling effect (negative radiative forcing) (Neu-
bauer, 2021). Because a kilogram of CH4 in the atmosphere has about 94.4 times the warming potential of 
a kg of CO2 at time 0 (i.e., the ratio of CH4 and CO2 radiative efficiencies as modeled in Neubauer, 2014 and 
here), high C sequestration rates may not imply immediate climate mitigation benefits if the sequestration 
to emissions ratio does not exceed the figure of 94.4. Examples are the restored wetlands with managed hy-
drology in this study, that despite having a high C sequestration efficiency onsite, exhibited sequestration to 
emission ratios that were on average 17:1 and 24:1 at the young (US-Myb) and old (US-Tw1) managed wet-
lands, respectively, as opposed to the restored tidal wetland with a ratio of 310:1 (kg/kg). At sequestration to 
emission ratios of 17 and 24, ecosystem CH4 emissions fully offset CO2 sequestration for the first 190 years 
(range 90–390 years) and 108 years (range 50–260 years), respectively, if the instantaneous radiative bal-
ance approach is used (Figure 6a). If the cumulative radiative balance approach is considered instead, the 
switchover time would occur 2 times later (Figure 6b).

Counterintuitively, the effect of a wetland restoration action on climate is not measured by the wetland's ra-
diative balance but by the change in the net radiative balance of the system relative to the previous land use 
condition (i.e., its radiative forcing). The switchover time can be substantially reduced when considering the 
radiative forcing effect of the different restoration actions (i.e., change in the radiative balance of the system 
relative to the previous land use). Despite a large range of uncertainty due to interannual variability in an-
nual CH4 fluxes and CO2 sequestration, and in the emission burden of the previous land use condition, our 
model suggested that the restoration of the tidal wetland from a prior salt pond contributed to a net cooling 
effect (negative D radiative forcing), with low amounts of cooling during the firsts years that increased with 
time with the accumulation of organic C in soils under stable environmental conditions (Figures 6c–6f). In 
contrast, restoration of nontidal managed wetlands from pasture and agricultural lands led to an initial net 
warming effect (positive D radiative forcing) lasting 4.5 ± 3.5 and 2.1 ± 2.0 decades if the instantaneous 
radiative forcing approach is used, or 8.1 ± 4.3 and 3.3 ± 3.0 decades at US-Myb and US-Tw1, respectively, 
if the cumulative radiative forcing approach is considered (Figures 6c–6f). Shortly after the crossover point 
from warming to cooling, the net cooling effect provided by the cumulative C sequestration of restored 
nontidal wetlands with managed hydrology exceeded that provided by the restored tidal wetland, assuming 
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effective management is sustained over time and that the hydrologic C export from the tidal wetland is 
consumed offshore.

Available short-term estimates, as well as global summaries of hydrologic C export (Santos et al., 2021), sug-
gest that the hydrological C transport is followed by ocean storage if exported as alkalinity. Although more 
research is required to quantify alkalinity export at the restored tidal wetland, this would only increase its C 
sequestration capacity, making it an even more potent greenhouse gas sink than what was modeled here. In 
line with this, prior salt ponds may have had higher CH4 fluxes than those assumed in the model. This could 
be related to their nontidal nature and the presence of methanogenic pathways in hypersaline systems (e.g., 

Figure 6. Radiative balance and net radiative forcing of restored wetlands modeled over a 125 to 500-year period. Instantaneous and cumulative wetland's 
radiative balance (a and b), change in the instantaneous and cumulative radiative forcing following wetland restoration (c and d), and net CO2-equivalent 
greenhouse gas fluxes (e and f). The Δ radiative forcing is calculated as the difference between the radiative balance of the restored wetlands and that of the 
previous land use (salt pond at US-EDN, pasture at US-Myb, and corn field at US-Tw1). Net greenhouse gas fluxes were converted to CO2-equivalents as the 
product of the gas flux and the ratio of the cumulative radiative efficiencies of a kg of CH4 and CO2 over time after accounting for the indirect forcings of CH4 
(Neubauer, 2021). The shaded area represents 95% confidence in switchover times. fW = 10−15 W, pW = 10−12 W.
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methylotrophic methanogenesis) that do not necessarily compete with sulphate-reducing bacteria (Kelley 
et al., 2015; Zhou et al., 2021). If former salt ponds were net CH4 emitters, this would only increase the add-
ed carbon and climate benefits associated with tidal marsh restoration, not only by increasing soil carbon 
accumulation but also by reducing CH4 emissions.

This study's dynamic instantaneous and cumulative modeling approaches are similar to those used to mod-
el the temporal variations in the GWP and SGWP values, respectively. However, the use of these metrics as 
a policy, regulatory, management, or research tool results in a static approach to the climatic role of wetland 
restoration. Their use often requires the choice of a time horizon (e.g., 20, 100, 500 years) for the conversion 
of CH4 fluxes to CO2-equivalents. Verified Carbon Standard (VCS) guidelines, like other carbon registry 
standards, specify the use of GWP to convert units of CH4 emissions to CO2 equivalents using a 100-year 
time scale (Needelman et al., 2018). Using this approach, land use conversions to restored wetlands in this 
study would have resulted in emissions reductions and biogeochemical cooling regardless of the wetland 
type or tidal influence. Likewise, similar results would have been obtained by applying the SGWP over a 
100 years timescale; the magnitude of the reductions would have been smaller, but the direction the same 
(Figure S5). Dynamic modeling approaches such as those used in this study and others (Hemes et al., 2019; 
Neubauer, 2014; Neubauer & Megonigal, 2015; Neubauer & Verhoeven, 2019) allow for a more detailed 
assessment of the climatic role of a restored ecosystem over its lifetime. The modeling of the switchover 
time, as well as the fate of atmospheric CH4 and CO2 as they are emitted from or sequestered by wetlands 
in this study, is necessary for the realization of the early warming effect of nontidal marsh restoration, and 
the immediate cooling provided by tidal wetland restoration. These insights are masked if GWP or SGWP 
metrics are used. At the same time, the static metrics do not allow assessing how overall wetland radiative 
forcing changes in response to disturbance or biogeochemistry-driven changes in rates of greenhouse gas 
production and sequestration. Thus, we suggest that dynamic radiative models might be preferable when 
determining C credits for marsh restoration projects where CH4 emissions are expected.

4.5. Future Projections

Our projections of the future climatic impact of wetland restoration are limited by uncertainties around 
wetland responses to changes in climate. Climate change is one of the greatest challenges for coastal and 
estuarine wetland restoration projects (Callaway et al., 2011). It affects coastal wetlands directly, primarily 
through changes in the rate of sea-level rise and, second, through salinization. Average rates of sea-level rise 
between 2030 and 2100 in the San Francisco Bay are predicted to range between 0.4 ± 0.2 and 1.1 ± 0.3 cm 
yr−1 under a 66% probability (OPC, 2018). These rates are within the range of soil accretion estimated in all 
restored wetlands in this study. However, the sizeable differences in initial surface elevation among sites 
make nontidal managed wetlands in subsided islands (>3  m below mean sea level) particularly at risk 
of collapse. Estimated rates of soil accretion observed at nontidal managed wetlands may not be enough 
to reach mean sea-level before a high risk of levee failure and flooding (Buchanan & Lionberger, 2007). 
However, their restoration contributes to gains in surface elevation that reduce the trajectory of increasing 
hydraulic pressures on levees and seepage onto islands while it breaks the unsustainable subsidence cycle 
from drainage and peat oxidation. With improved management and consistent, permanent flooding, Miller 
et al. (2008) showed that higher elevation gains (7–9 cm yr−1) are possible. Low water table depths at both 
nontidal wetlands likely affected soil accretion rates estimated in this study, particularly at the old managed 
wetland (US-Tw1), dry during a good portion of 2019 and during soil core sampling. Water tables below the 
surface result in a loss of buoyancy of these marshes that may have contributed to desiccation and com-
paction impacting vertical accretion rates. This serves to highlight the importance of permanently keeping 
nontidal managed wetlands flooded, not only to avoid soil oxidation and CO2 emissions but also to sustain 
high accretion rates in the long term.

Nontidal freshwater and oligohaline wetlands with managed hydrology might also experience salinization 
associated with periods of drought and saltwater intrusion (Chamberlain et al., 2020). Salinization, often in 
tandem with low water levels at impounded marshes, can inhibit rates of both photosynthesis and meth-
anogenesis (Glenn et  al.,  1995; Poffenbarger et  al.,  2011; Watson & Byrne,  2009), however, whether the 
reduction in CH4 production outweighs the decrease in net carbon uptake is uncertain. Reductions in CH4 
emissions might not have a favorable impact on the radiative balance of the system if accompanied by 
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reductions in productivity. During the peak of a drought-induced salinization event at the young nontidal 
wetland in this study (US-Myb), reductions in NEE vastly exceeded those of CH4 (Chamberlain et al., 2020), 
bringing the CO2 to CH4 ratio down to 1 (1 kg CO2 sequestered per 1 kg CH4 emitted), thereby causing an 
increase of the overall radiative balance of the ecosystem. Neubauer (2013) found similar results in a tidal 
freshwater marsh experiencing saltwater intrusion. The CO2 to CH4 ratio decreased from ∼19 to 17, causing 
an overall net warming due to the larger positive radiative forcing from NEE reductions than the negative 
radiative forcing from drops in CH4. The response of wetland-atmosphere greenhouse gas exchange to sa-
linization is complex. It will vary depending on the degree of salinization, whether it occurs gradually or in 
pulsed events, concurrent changes in hydrology and inundation time, and variations in primary production 
and ecosystem respiration due to plant community changes, nutrient loading, and meteorological drivers.

In tidal wetlands that can keep pace with accelerating rates of sea-level rise, a rise in sea level could trigger 
an increase of soil C accretion through enhanced biomass production (Kirwan & Megonigal, 2013; Morris 
et al., 2002). For example, the restored tidal wetland in this study would survive predicted sea-level rise 
under a low (0.4 cm yr−1) scenario as simulated by the MEM model (Morris et al., 2002), which projects 
change in tidal marsh surface elevation with sea-level rise (Table S2) (Figure S6). Therefore, the restored 
tidal wetland would likely continue to provide a net biogeochemical cooling effect over the next 100 years 
assuming no changes in CH4 emissions due to the already euhaline (30–40) conditions. However, at high 
rates of relative sea-level rise (1.10 cm yr−1), the soil organic C accumulation would be adjusted downwards, 
reducing the wetland's accrual of greenhouse gas benefits (Figure S6). The marsh could potentially collapse 
toward the end of the century leading to a halt in its C sequestration and the many other ecosystem services. 
There is a lot of uncertainty about the long-term trajectory of the relationship between C sequestration and 
emissions in restored or created wetlands under a changing environment. Long-term studies are critical to 
capture interannual variability in C fluxes driven by succession, disturbance, and climate changes, as well as 
to more explicitly predict the evolution of the CO2:CH4 ratio in future works. The incorporation of climate 
change modeling into wetland management, restoration and creation will be critical to effectively promote 
ecosystem resilience, sustained C sequestration, and maintenance of ecosystem services.

5. Conclusions
Combining the EC technique with the more commonly applied greenhouse gas accounting procedures such 
as soil C stock change provides a comprehensive analysis of C mitigation benefits through the restoration 
and creation of tidal and nontidal wetlands. It allows quantifying C sequestration and estimation of CH4 
emissions. At the same time, it provides a rough estimate of C export to adjacent areas through hydrologic 
exchange, which are all essential elements for successful wetland C mitigation projects. Additionally, this 
combined approach allows understanding the mechanisms by which C is stored or released and informs 
modeling about how C fluxes may respond to management, disturbance, and climate change. While Blue 
Carbon projects related to wetland restoration often assume that soil organic C storage results in an im-
mediate climate cooling service, our analyses indicate that this assumption might be inappropriate except, 
perhaps, in saline environments where wetlands tend to have lower CH4 emissions. Merits and differences 
exist in the restoration of nontidal and tidal wetlands in terms of climate change mitigation and adapta-
tion. Restored nontidal wetlands with managed hydrology might be the most efficient at burying C onsite 
due to their design that minimizes C loss through export, in contrast to restored tidal wetlands. However, 
the nontidal condition may also favor CH4 emissions, which in our study incurred a greenhouse gas debt 
in nontidal wetlands that was only neutralized by its efficient C sequestration after 2 to 4 decades, or 3 to 
8 decades on average under stable environmental conditions, depending on the modeling approach used. 
The restored tidal wetland, yet losing a large fraction of its net atmospheric C uptake through hydrologic 
export, showed larger CO2 sequestration to CH4 emission ratio. The fact that this was also observed in a tidal 
oligohaline wetland in the same region may suggest that tidal wetland restoration, when possible, could be 
a better strategy to achieve climate mitigation benefits in the short and mid-term (≤100 years). In contrast to 
the climate mitigation service, other economically and valuable wetland services such as soil accretion, or 
the stopping of surface subsidence caused by drainage, become established right from the start of wetland 
restoration. Protection for sea-level rise is, in many instances, ranked first in importance and immediacy, 
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followed by CO2 sequestration and reduction of the Earth's energy budget. Therefore, services such as soil 
accretion are relevant in the face of climate change and should motivate on itself restoration projects.

Data Availability Statement
EC data are available on the Ameriflux website: US-EDN (https://doi.org/10.17190/AMF/1543381), US-
Myb (https://doi.org/10.17190/AMF/1246139) and US-Tw1 (https://doi.org/10.17190/AMF/1246147). Soil 
core datasets are available through the Smithsonian's Figshare data repository: Mount Eden Creek Marsh 
soils (http://doi.org/10.25573/serc.16416684); Mayberry and West Pond soils (http://doi.org/10.25573/
serc.15127743).
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